ABSTRACT: A primary focus of coastal science during the past 3 decades has been the question: How does anthropogenic nutrient enrichment cause change in the structure or function of nearshore coastal ecosystems? This theme of environmental science is recent, so our conceptual model of the coastal eutrophication problem continues to change rapidly. In this review, I suggest that the early (Phase I) conceptual model was strongly influenced by limnologists, who began intense study of lake eutrophication by the 1960s. The Phase I model emphasized changing nutrient input as a signal, and responses to that signal as increased phytoplankton biomass and primary production, decomposition of phytoplanktonderived organic matter, and enhanced depletion of oxygen from bottom waters. Coastal research in recent decades has identified key differences in the responses of lakes and coastal-estuarine ecosystems to nutrient enrichment. The contemporary (Phase II) conceptual model reflects those differences and includes explicit recognition of (1) system-specific attributes that act as a filter to modulate the responses to enrichment (leading to large differences among estuarine-coastal systems in their sensitivity to nutrient enrichment); and (2) a complex suite of direct and indirect responses including linked changes in: water transparency, distribution of vascular plants and biomass of macroalgae, sediment biogeochemistry and nutrient cycling, nutrient ratios and their regulation of phytoplankton community composition, frequency of toxic/harmful algal blooms, habitat quality for metazoans, reproduction/growth/survival of pelagic and benthic invertebrates, and subtle changes such as shifts in the seasonality of ecosystem functions. Each aspect of the Phase II model is illustrated here with examples from coastal ecosystems around the world. In the last section of this review I present one vision of the next (Phase III) stage in the evolution of our conceptual model, organized around 5 questions that will guide coastal science in the early 21st century: (1) How do system-specific attributes constrain or amplify the responses of coastal ecosystems to nutrient enrichment? (2) How does nutrient enrichment interact with other stressors (toxic contaminants, fishing harvest, aquaculture, nonindigenous species, habitat loss, climate change, hydrologic manipulations) to change coastal ecosystems? (3) How are responses to multiple stressors linked? (4) How does human-induced change in the coastal zone impact the Earth system as habitat for humanity and other species? (5) How can a deeper scientific understanding of the coastal eutrophication problem be applied to develop tools for building strategies at ecosystem restoration or rehabilitation? Mar Ecol Prog Ser 210: 223-253, 2001 mobilize the nutrient elements nitrogen and phosphorus through land clearing, production and applications of fertilizer, discharge of human waste, animal production, and combustion of fossil fuels (e.g. Nixon 1995). As a result of these activities, surface waters and ground waters throughout the developed world now have elevated concentrations of N and P compared to concentrations even in the middle of the 20th century. Our mobilization of N and P has accelerated the fluxes of these elements to coastal waters, and fertilization of coastal ecosystems is now a serious environmental problem because it stimulates plant growth and disrupts the balance between the production and metabolism of organic matter in the coastal zone.
INTRODUCTION
By the end of the twentieth century one of our most important scientific accomplishments has been the explicit realization that the human population is changing the Earth system. Some of these changes are occurring at a remarkable rate. We know, with certainty, that human activities are changing land use, habitats, the chemistry of the Earth's atmosphere and water, rates and balance of biogeochemical processes, and diversity of life on the planet (e.g. Vitousek et al. 1997) . One prominent mode of human disturbance has resulted from activities that mobilize the nutrient elements nitrogen and phosphorus through land clearing, production and applications of fertilizer, discharge of human waste, animal production, and combustion of fossil fuels (e.g. Nixon 1995) . As a result of these activities, surface waters and ground waters throughout the developed world now have elevated concentrations of N and P compared to concentrations even in the middle of the 20th century. Our mobilization of N and P has accelerated the fluxes of these elements to coastal waters, and fertilization of coastal ecosystems is now a serious environmental problem because it stimulates plant growth and disrupts the balance between the production and metabolism of organic matter in the coastal zone.
Coastal eutrophication is a recently recognized phenomenon (Nixon 1995) , and scientific investigation of this human disturbance has progressed for only a few decades, so our conceptual model of the problem is evolving rapidly. Here, I describe 2 phases in the evolution of our conceptual model of how nutrient enrichment disrupts coastal ecosystems, and then finish with a view to the future, suggesting critical questions that must be answered as we work to advance and broaden our understanding of this complex environmental problem. This examination of conceptual models was designed as a complement to the excellent general reviews of coastal eutrophication (e.g. Smetacek et al. 1991 , Gray 1992 , Vollenweider 1992 , Heip 1995 , Nixon 1995 , Jørgensen & Richardson 1996 , National Research Council 2000 .
IN THE BEGINNING: THE FIRST CONCEPTUAL MODEL
The time series in Fig. 1 show clear signals of elevated nitrate concentration in 3 rivers in different regions of North America and Europe. These trends of increasing N concentration are representative of changes in the nutrient (N and P) chemistry of rivers throughout the developed world, with many showing progressive increases that accelerated during the period ~1960-1990 . The underlying mechanisms of these trends are well established (e.g. Puckett 1995 , Jaworski et al. 1997 , National Research Council 2000 and directly related to human activities that mobilize and accelerate the movement of N and P from the lithosphere to the hydrosphere. Our concern about this human disturbance was first motivated by the degradation of freshwater ecosystems by nutrient enrichment, and the study of lake-river eutrophication was a central focus of freshwater ecological and geochemical research by the 1960s. Nixon (1995) reminds us that this topic was not a focus of estuarine or coastal marine research then, so there was a lag of perhaps a decade or two before the problem of coastal eutrophication became established as a societal and scientific concern. It is natural, then, that the earliest conceptual model of coastal eutrophication was strongly influenced by the conceptual models developed first by limnologists. As we will see, there are fundamental differences in the system-level responses to nutrient enrichment in lakes compared to estuarine-coastal ecosystems.
One result of human enrichment of N and P in rivers is that the delivery of these elements to the coastal zone has increased proportionately. For example, Jaworski et al. (1997) estimate that human activities have increased N fluxes to coastal rivers of the northeastern United States 5 to 14 times above natural rates. Phosphorus loading to estuarine systems has increased 2-to 6-fold since 1900 (Conley 2000) . Among those (surprisingly few) estuaries and coastal marine ecosystems in which there have been sustained observational programs, most have revealed significant decadal-scale trends of increasing N and/or P availability. Four examples in Fig. 2 show that both N and P concentrations 5 ); (c) total N and total P concentrations in the outer Archipelago Sea, northern Baltic (redrawn from Bonsdorff et al. 1997b, Fig. 5 ); (d) median winter (January-February) concentrations of total organic N and soluble reactive P in the central Irish Sea (redrawn from Allen et al. 1998, Fig. 2) increased, by a factor of 2 or more, from the 1960s to 1990 in the Northwest Black Sea, central Baltic Sea, Archipelago Sea (northern Baltic), and in the Irish Sea. When examined as a whole, the existing nutrient records provide compelling evidence of rapid change in the fertility of coastal ecosystems over the last half of the 20th century. Retrospective analyses suggest that a 'first wave' of coastal eutrophication actually began in the 19th century when industrial activities enhanced the riverine delivery of N and P to coastal regions of western Europe (Billen et al. 1999) . In their pristine state, these coastal ecosystems had N or P concentrations that were often low enough to limit the rate of plant biomass production and accumulation. Therefore, the central question considered here is: How does enhanced delivery of N or P, with resulting elevations of N or P availability, change the biogeochemical functioning and biological community structure within estuarine and coastal waters? This central question is broader in scope than eutrophication, which is strictly defined as an increase in the supply rate of organic matter (Nixon 1995) . In this review I use the word eutrophication in a more general sense to reference the myriad biogeochemical and ecological responses, either direct or indirect, to anthropogenic fertilization of ecosystems at the land-sea interface. The limnologists addressed this question by constructing signal-response functions, where the signal was some measure of change in the availability of P (the most-limiting nutrient in freshwater) and the response was some measure of change in the productivity or biomass of the phytoplankton. This approach produced a set of empirical models built from measures of signals and responses in a large number of temperate-zone lakes. The classic example is the empirical model of Vollenweider (1976) , reproduced in Fig. 3 . Here, the mean phytoplankton biomass (chlorophyll a concentration) is described as a function of annual P loading, adjusted for differences in lake morphometry and hydraulic residence time. For this data set, the simple loadingplot model accounts for 75% of the variance of chlorophyll concentration. The strength of the correlation between this signal and response is impressive, and it shaped the conceptual models of lake eutrophication and became a basis for lake nutrient management (Schindler 1987) .
Early work on coastal eutrophication was inspired by the Vollenweider-type approach. Although limnologists have explored many other aspects of the lake-eutrophication problem, the guiding conceptual model was strongly influenced by these empirical relationships and their emphasis on 1 signal and 1 set of closely related responses. We can depict this Phase I conceptual model with a simple schematic (Fig. 4) in which nutrient loading rate sets the rates of phytoplankton population growth and biomass accumulation. Stimulation of phytoplankton growth rate leads to an imbalance between the processes of algal production and consumption, followed by enhanced sedimentation of algal-derived organic matter, stimulation of microbial decomposition and oxygen consumption, and depletions of bottom-water oxygen after the onset of thermal stratification in spring or summer. The first studies of coastal eutrophication were designed around this conceptual model, with emphasis on measurements of the signal (as nutrient concentrations or fluxes) and the response (as measures of phytoplankton biomass, primary production, oxygen concentrations or consumption rates). Freshwater and marine systems have different patterns of nutrient cycling, leading to differences in the relative importance of N and P as limiting elements. Phosphorus is generally considered the primary limiting element to system primary production in fresh water, and nitrogen is considered the primary limiting element in marine systems (Smith [1984] explains why this view is an oversimplification). Intense debate and scientific interest have motivated research to address the question: Which limiting element is most important in estuaries? The debate has extended to consider the question: What is the most appropriate definition of 'limitation'? (In the context of coastal eutrophication, Howarth [1988] defines nutrient limitation as 'the limitation on the potential rate of net primary production'). The general rule above is a result of differences in the biogeochemical cycling of N and P in fresh and marine waters (Oviatt et al. 1995 , National Research Council 2000 , including: (1) greater importance of nitrogen fixation (an N source) in freshwater systems, for reasons that are not fully understood (Howarth et al. 1995 , Paerl et al. 1995 ; and (2) greater efficiency of sediments in freshwater systems at binding and sequestering P than sediments in marine systems (Caraco et al. 1990 ). Since McComb et al. (1981) and D'Elia et al. (1986) proposed that both N and P are important in estuaries, subsequent research has confirmed this with observations of P limitation during spring and N limitation during summer in estuaries such as the Gulf of Riga, Latvia, Roskilde Fjord, Denmark, Bay of Brest, France, and Delaware Bay, USA (Conley 2000) . Our conceptual model of the relative importance of N and P is strongly biased by the predominance of study at temperate latitudes, so it does not apply directly to tropical marine systems that are more frequently P-limited (Downing et al. 1999) .
Implicit in the lake-inspired conceptual model is the notion that a unit increase in the signal of nutrient loading will cause a unit increase in the set of phytoplankton-related responses (Fig. 4) . This notion follows directly from the empirical model shown in Fig. 3 . The first experimental work on coastal eutrophication employed mesocosms to measure system-level responses to varying treatments of nutrient (N) enrichment (e.g. Oviatt et al. 1986) . Results of the MERL mesocosm experiments fit the early conceptual model organized around the signal of nutrient delivery and the response of enhanced phytoplankton primary production or chlorophyll biomass (Nixon 1992) . These experimental results, along with early compilations of measured responses and signals in coastal ecosystems, were generally consistent with the Phase I conceptual model. In the beginning, these results encouraged the notion that the lake eutrophication model might apply to estuarine-coastal ecosystems. However, as coastal scientists continued to work on this problem during the past 2 decades, we have made 2 kinds of observations that are inconsistent with the Phase I model. First, although it is possible to develop Vollenweider-type models for some sets of coastal lagoons (Boynton et al. 1996) and estuaries, these models are significantly different from the lake models. For example, Meeuwig (1999) developed empirical models that describe variability of phytoplankton biomass among 15 Canadian estuaries as functions of land use in the watersheds. These models show that the chlorophyll yield, per unit N delivery, is 10 times smaller than the mean chlorophyll yield derived from comparable lake models. This important observation raises the possibility that there are fundamental differences between lakes and estuaries in their transformations of exogenous N into algal biomass.
A second inconsistency has been revealed by recent compilations of signal-response measurements from a large number of estuaries, showing that there is only a weak general correlation between the signal of nutrient loading and the responses of phytoplankton biomass or primary production. The most comprehensive estuarine compilation so far is that of Borum (1996) , reproduced here in Fig. 5 . For these 51 estuaries, only 36% of the variance of phytoplankton primary production is correlated with the N-loading rate. This out- . Annual phytoplankton primary production versus annual N loading for coastal waters and mesocosms. Data from Borum (1996) , Fig. 9 .11. Fitted curve is the function y = 244 + 175log(x) (r 2 = 0.36; n = 51) come, coming from many different site-specific studies conducted over the past 2 to 3 decades, suggests that the Phase I conceptual model might not apply, at least in the context of understanding how the signal of changing nutrient input causes a general response of increased phytoplankton biomass or primary production in estuaries. Certainly there is a fundamental linkage between the processes of N delivery and the algal-based expressions of eutrophication. However, Borum's (1996) estuarine comparison suggests that N-loading rate, alone, is a poor predictor of algal production rate. The problem must involve consideration of additional processes/factors. The measurements in Fig. 5 show that there are some estuarine/coastal ecosystems with high N-loading rates but small rates of primary production, and others with relatively low loading rates but high primary production. These departures from the Phase I conceptual model are instructive, and we can illustrate them with measurements made in 2 nutrient-rich estuaries of the USA -Chesapeake Bay and San Francisco Bay. The annual loading rates of both nitrogen and phosphorus are higher in San Francisco Bay than in Chesapeake Bay: mean areal loadings of N are 1.47 mol N m -2 yr -1 to the Maryland mainstem region of Chesapeake Bay (Boynton et al. 1995 ) and 1.96 mol N m -2 yr -1 to San Francisco Bay (D. H. Peterson; http//sfbay.wr.usgs.gov/~resmith/nput/nput.html). In the mesohaline region of Chesapeake Bay, winter DIN concentration approaches 100 µM, and this stock becomes depleted from the surface layer in summer (Fig. 6 ). Near-surface dissolved inorganic phosphorus (DIP) concentrations are above 0.5 µM in winter and then these also become depleted from the surface layer in spring/summer. The nutrient-enriched Chesapeake Bay supports very high standing stocks of phytoplankton (mean surface chlorophyll a of 13.6 mg m -3 in 1997; Fig. 6 ); annual primary production is > 400 g C m -2 yr -1 (Malone et al. 1996) . As a result of this high production and the subsequent deposition of algal biomass under stratified conditions, the bottom waters of Chesapeake Bay become hypoxic or anoxic in summer (Fig. 6) . For the Chesapeake Bay estuary, nutrient-stimulated primary production and associated depletions of dissolved oxygen are high-priority environmental concerns among the local public and scientific community (Smith et al. 1992) . The 2 adjacent panels in Fig. 6 show comparable series from the mesohaline region of northern San Francisco Bay, where there are no analogous responses to the signal of nutrient enrichment. In the mesohaline San Francisco Bay, DIP concentrations are about 10 times higher than in the mesohaline Chesapeake Bay, and mean DIN concentrations are comparable and never fall to levels that limit phytoplankton growth. However, mean phytoplankton biomass in the mesohaline San Francisco Bay was only 2.7 mg chl a m -3 in 1997 (Fig. 6) , and phytoplankton primary production is only 20 g C m -2 yr -1 (Alpine & Cloern 1992 ), about 20 times lower than in Chesapeake Bay. Although San Francisco Bay has higher loading rates of N (and P) than Chesapeake Bay, the bottom waters of San Francisco Bay never approach hypoxia (Fig. 6) . As a result, eutrophication is not a high-priority concern for the San Francisco Bay public. This contrast in algal biomass, primary production and bottom-water oxygen concentrations shows that there can be very large differences among estuaries in the rates or pathways through which exogenous nutrients are converted into algal biomass. Those differences strongly shape public concern and political priorities for managing coastal resources. This realization is an important advancement in our scientific understanding of coastal eutrophication, and it suggests that we have advanced the science beyond the simple Phase I conceptual model of 1-signal and 1-response. Where, now, do we stand?
RECENT ADVANCES AND THEIR CONTRIBUTIONS TO THE CONTEMPORARY CONCEPTUAL MODEL
One of the most valuable approaches available to the limnological community in its study of lake eutrophication was the use of whole-ecosystem experiments in which systemic responses could be followed in experimental lakes subjected to different treatments of nutrient loading (Schindler 1987) . Analogous experimentation at the scale of whole ecosystems has not been possible in the study of estuarine-coastal eutrophication (Nixon et al. 1986 ), so much of our understanding of coastal eutrophication has come from the collection and interpretation of time series of observations over the decades when nutrient concentrations have been elevated. Since the 1970s, when the problem of nutrient enrichment has become a focal point of estuarinecoastal science, we have collected series of either new or historic observations, and used these to patch together an emerging new concept of how anthropogenic nutrient enrichment causes change in the coastal zone. Most of these time series come from only a few coastal regions of the world (e.g. Baltic Sea, coastal North Sea, Adriatic Sea, Black Sea, Chesapeake Bay, northern Gulf of Mexico), so our view of the problem is strongly biased by observations from these systems. Although individual time series may not provide convincing evidence of disturbance, the full suite of observations collected over the last half of the 20th century provides compelling evidence that some estuarine-coastal ecosystems have been and are being changed by enhanced inputs of nitrogen or phosphorus. In this section I present some examples to illustrate the modes of change we have detected through observational series, and then I use these examples to build a schematic representation of the current (Phase II) conceptual model of coastal eutrophication.
Phytoplankton biomass and primary production
We began with the concept that, since algal growth rates are often naturally limited by the availability of N or P, then fertilization of estuarine-coastal waters with these elements will stimulate the growth, biomass accumulation, and primary production of the phytoplankton community. Although this seems to be a straightforward and easily tested idea, there are very few time series documenting clear trends of change in phytoplankton biomass coincident with trends of increasing nutrient concentrations. Three examples are shown in Fig. 7 , as series of chlorophyll a measurements in the Irish Sea and Dutch Wadden Sea and as changes in the decade-mean chlorophyll a concentra- Pape et al. 1996] ) that show no trend of increasing phytoplankton biomass, even during decades of increasing nutrient concentrations. So, the available long-term records of chlorophyll measurement are consistent with Borum's (1996) analysis showing intersystem differences in the linkage between the signal of nutrient increase and the response of increased phytoplankton biomass. There are even fewer long-term records of primary production, but the 4 examples in Fig. 8 show trends of increased phytoplankton primary production in the northern Adriatic, Belt Sea, Wadden Sea, and in Danish coastal waters (Kattegat). Other than these 4 records, it is difficult to find series that document clear increases in phytoplankton primary production. There are, however, surrogate measures and perhaps the most useful come from the sedimentary record. An example is Fig. 9 , showing depth profiles of organic carbon content in sediment cores taken in Chesapeake Bay. Although there has been no program to measure directly the changes in primary production in Chesapeake Bay since the first half of this century, the core profiles of organic carbon show progressive increase over time, consistent with the hypothesis that primary production has increased since the beginning of this century. More recent analyses of cores from Chesapeake Bay have used biogenic silica and lipids as source-specific biomarkers to confirm that the enhanced accumulation of carbon in the sediments is a result of increased inputs of algal-derived organic matter (Zimmerman & Canuel 2000) . Metabolism of algal-derived organic matter, both within the sediments and on the sediment surface, consumes oxygen and there are time series of dissolved oxygen measurements that provide further surrogate records of increased system production. Examples from Kiel Bay, the Kattegat, and Swedish coastal waters are shown in Fig. 10 . Similar records have been established for other enriched coastal waters that are persistently stratified in summer, such as the northern Adriatic Sea (Justić et al. 1987) .
Responses in the sediments
The core record of sediment organic carbon in Chesapeake Bay (Fig. 9) reminds us that the pelagic and benthic compartments of shallow marine ecosystems are tightly connected, so responses to nutrient enrichment can be seen as changes in the benthos. Much (25 to 50%) of the organic C, N and P produced by phytoplankton sinks to the benthos where it is mineralized by aerobic and anaerobic processes (Jør-gensen 1996) . The deposition rate of organic matter influences the depth of the oxic-anoxic interface within sediments, as well as the oxygen concentration in water above the sediments. When the supply rate of organic matter increases in response to nutrient enrichment, benthic microbial metabolism is stimulated and causes dramatic changes in sediment chemistry, nutrient release, and rates of oxygen consumption. In his review of the benthos response, Jørgensen (1996) concludes that 'the sediments and the benthic communities are, therefore, the most sensitive parts of the coastal ecosystem to eutrophication and hypoxia'. This sensitivity is reflected as a shift from aerobic to anaerobic metabolism, including stimulation of sulfate reduction and then accumulation of metal sulfides and H 2 S in sediment pore waters. These changes can be recorded in the sediments and reconstructed from cores: shifts in sulfide mineralogy indicate that the bottom waters of Chesapeake Bay became more reducing around 1940 (Cooper & Brush 1991 , Zimmerman & Canuel 2000 . As sediments become more reducing, the phosphate bound to iron and manganese oxides can be released, so a feedback mechanism exists to enhance the sediment supply of P to the water column when bottom waters become anoxic. Feedbacks between oxygen dynamics and nitrogen cycling also exist: nitrification is inhibited by hypoxia, so the loss of nitrogen to denitrification can be limited by the supply rate of nitrate. This feedback mechanism increases the efficiency of N retention as coastal systems move toward hypoxia (Kemp et al. 1990 ). Our conceptual model has therefore broadened to include explicit recognition of these microbial and geochemical responses in the sediments that result from the tight coupling between the pelagic and benthic compartments.
Responses of other biota
Perhaps the most important direct response to nutrient enrichment is change in the balance of selective forces that shape plant communities, including progressive selection for fast-growing algae (phytoplankton, microphytobenthos, ephemeral macroalgae) that are best adapted to high-nutrient conditions, at the expense of slower-growing vascular plants and perennial macroalgae that are best adapted to low-nutrient environments (Duarte 1995 , Borum 1996 . Well-known Bay and other urbanized embayments in the northeastern US (Valiela et al. 1997) , and the Peel Harvey estuary in western Australia (McComb et al. 1981) .
Perhaps the best quantitative record of change in a littoral habitat is Cadée's (1984) surveillance of microphytobenthos biomass and primary production in the western Dutch Wadden Sea (Fig. 11 ). Both records show significant positive trends from 1968 to 1981, and Cadée (1984) interprets these trends as responses to nutrient enrichment. As phytoplankton biomass increases, water transparency decreases proportionately and the reduced availability of light energy (e.g. Fig. 12 ) can become an indirect response that limits habitat for benthic plants. Submerged vascular plants have declined in Chesapeake Bay since the 1950s (Fig. 13a) , and proposed mechanisms include decreased transparency associated with elevated phytoplankton biomass and other stresses, such as enhanced epiphyte growth, related to nutrient enrichment (Orth & Moore 1983) . Responses to algal bloom events, such as the persistent brown tides of Laguna Madre, include rapid declines in the abundance of seagrasses (Fig. 13b) . The direct linkage between nutrient enrichment and vascular plant abundance is evident from Denmark's national estuarine monitoring program, showing a strong inverse relationship between eelgrass habitat and nitrogen concentration in the overlying water (Fig. 13c) . The depth limit of eelgrass growth in Danish estuaries is now only about 2.5 m, half the growth habitat at the beginning of the 20th century (Rask et al. 1999) . Habitat availability to perennial macroalgae also shrinks when water transparency declines: the depth distribution of Fucus vesiculosus decreased in the Baltic from 11.5 m in the 1940s to 8.5 m in the 1980s (Kautsky et al. 1986) , an era when Secchi-depth transparency declined at a rate of 0.05 m yr -1 (Sandén & Håkansson 1996) . Other direct and indirect responses to enrichment act as selective forces to change plant communities, including the toxicity of ammonium to eelgrass (Zostera marina: van Katwijk et al. 1997) , and depletion of dissolved silicon (see below) which may be a contributing factor to the global declines of seagrasses (Herman et al. 1996) . Borum (1996) suggests that 'the most important effect of nutrient enrichment on primary producers in shallow coastal areas is to induce qualitative changes in .... the balance among autotrophic components from dominance of perennial macroalgae and seagrasses toward dominance of ephemeral macroalgae and pelagic microalgae.' These shifts in plant communities are profound changes in habitat quality for animals (Valiela et al. 1992 , Weaver et al. 1997 . Excessive macroalgal growth can lead to reduced diversity of marine invertebrates, analogous to responses to excessive phytoplankton growth: the scallop (Argopecten irradians) harvest virtually disappeared from the enriched zones of Waquoit Bay when seagrasses were replaced by macroalgae (Valiela et al. 1992) . In shallow sublittoral or intertidal habitats, biomass accumulations of attached or drift macroalgae cause changes in bed roughness and trapping of fine-grained sediments and reduced survival of invertebrate recruits, exclusion of some deposit-feeding and suspensionfeeding invertebrates such as amphipods and spionid polychaetes, and reduced abundance of invertebrate prey for fishes and shorebirds (Raffaelli et al. 1998) . Nutrient enrichment of tropical and subtropical waters has stimulated production of macroalgae, leading to the overgrowth and replacement of corals (Lapointe 1997) .
We understand well that changes in the rates of production, deposition and oxygen-consuming metabolism of algal biomass are habitat disturbances that can propagate to cause change in populations of benthic invertebrates (Diaz & Rosenberg 1995) . Animal-community responses to change in organic enrichment are not linear or even monotonic, but rather follow a successional sequence beginning with increases in biomass and secondary production as food supply increases (Pearson & Rosenberg 1978) . Empirical evidence for this 'enrichment phase' (Gray 1992) includes the doubling of macrobenthos biomass in the Kattegat from 1973 to 1988, when phytoplankton biomass and primary production also doubled (Hagerman et al. 1996 ). Beukema's (1991) surveillance of macrozoobenthos in the Dutch Wadden Sea from 1970 to 1990, when phytoplankton ( Fig. 7) and microphytobenthos biomass (Fig. 11) increased, also shows trends of biomass increase (Fig. 14a) . Early responses also include changes in benthos species composition: Beukema's (c) historical changes in the abundance of 2 species of foraminfera in the sediments of the Mississippi River Bight, northern Gulf of Mexico (redrawn from Rabalais et al. 1996, Fig. 11) record shows decreasing abundance of mollusks and crustaceans and increasing abundance of small-sized opportunist species (polychaetes), reflected as a trend of decreasing mean weight of individuals (Fig. 14b ).
Other trends of increasing benthic biomass (in Danish estuaries: Josefson & Rasmussen 2000) and shifts in community composition (in the Oslofjord and Skagerrak: Rosenberg et al. 1987) have been linked to changes in nutrient loading. Selection for fast-growing algal autotrophs by nutrient enrichment can lead to events of explosive population growth of microalgae or macroalgae, and the subsequent metabolism of that organic matter can deplete bottom waters of dissolved oxygen. In their comprehensive review, Diaz & Rosenberg (1995) conclude: 'There is no other environmental variable of such ecological importance to coastal marine ecosystems that has changed so drastically in such a short period as dissolved oxygen. While hypoxic and anoxic environments have existed through geological time, their occurrence in shallow coastal and estuarine areas appears to be increasing, most likely accelerated by human activities. Ecological problems associated with the occurrence of low oxygen are increasing on a global scale. ' Gray (1992) suggests a sequence of responses to developing hypoxia that includes: escape of sensitive demersal fishes (cod, whiting) when oxygen concentrations fall to 25 to 40% of saturation; escape of other benthic fishes (dabs, flounder) at 15% saturation; mortality of bivalves, echinoderms and crustaceans at 10% saturation; and extreme loss of benthic diversity at < 5% oxygen saturation when only the most resistant species of invertebrates (Capitella, Polydora) persist. Other studies have documented species shifts in the meiofaunal communities, some of which have been used as indicators of oxygen depletion. An example (Fig. 14c) shows historical changes (from cores) in the abundance of 2 species of foraminifera in sediments of the Mississippi River Bight. Progressive increase in the abundance of the hypoxia-tolerant Fursenkoina sp. since the 1950s is an indicator of increasing stress from oxygen-deficiency. Disappearance of the more sensitive Quinqueloculina sp. in the 1870s indicates that changes in oxygen concentration began in the last century (Rabalais et al. 1996) .
Although it is difficult to establish a direct connection between enrichment-mediated shifts in invertebrate communities and upper trophic levels, Pihl (1994) has documented long-term changes in the diet of bottom-feeding fishes from the Kattegat and attributed these dietary shifts to changes in species composition of benthic macrofauna described above. He concludes that 'Repeated stress from hypoxia might favor smallsized prey species with a short life cycle, which would in turn favor small-sized fishes. Thus, altered food resources and the direct effects of hypoxia might result in shift in dominance among demersal fish species.' Our conceptual model now includes the hypothesis that nutrient enrichment can cause change in the selective forces that regulate biological diversity at all trophic levels within coastal food webs.
Nutrient ratios and phytoplankton community composition
The first conceptual model described linkages between simple bulk quantities such as total N loading and chlorophyll standing stock. As our understanding of the eutrophication problem has deepened, we have begun to appreciate the importance of other quantities such as the ratios of nutrients as forces that shape the evolution of plant and animal communities. A key topic of coastal research now centers around changes in the ratios of N, P, and Si and the impacts of changing nutrient ratios on the resource selection for particular groups of primary producers. Special emphasis is placed on the ratios of Si and N (or P) as the potentially limiting elements for diatoms, because human activities have selectively enhanced the loadings of N and P, but not Si, to coastal waters. Time series showing trends of increasing N concentration usually also show trends of decreasing Si:N ratios. Three examples (Fig. 15a to c) come from measurements in the Irish Sea, Mississippi River, and Bay of Brest. In each of these series, the Si:N ratio began at values >1 and then fell to ratios that are now consistently ≤1. Diatoms require Si and N at a molar ratio of about 1 (Redfield et al. 1963 , Dortch & Whitledge 1992 . As the Si:N ratio falls from >1 to <1, the chemical environment shifts from a state that allows diatoms to compete effectively with other algal classes, to a different state that gives selective advantage to the nondiatom taxa having small Si requirements (Officer & Ryther 1980 , Conley et al. 1993 . A remarkable data set, of ~weekly sampling from 1962 to 1984 in the German Bight, shows: increases in nitrate concentration, decreases in silicate and declines in the Si:N ratio to < 0.1, with coincident increases in phytoplankton abundance and shifts in dominance from diatoms to flagellates/dinoflagellates (Radach et al. 1990 ).
Nutrient-resource competition theory (with roots in the limnological literature: Schelske & Stoermer [1971] ) is consistent with observations from coastal ecosystems showing distinct shifts in phytoplankton community composition from diatom dominance to progressively increasing importance of other taxa such as dinoflagellates and phytoflagellates (Fig. 16a) . These species shifts have often been associated with changes in the intensity and/or duration of blooms of nondiatom species, some of which are toxic or harmful to other biota.
One example is the record showing increased seasonal duration of nondiatom blooms (including the flagellate Phaeocystis sp.) in the Wadden Sea (Fig. 16b) . Progressive increase in the intensity/duration of noxious Phaeocystis sp. blooms has coincided with decreases in the N:P ratio, from above the Redfield ratio of 16 to values below that critical ratio (Fig. 15d) . Phaeocystis sp. is efficient at growing under N-limiting conditions (Riegman et al. 1992) , so nutrient resources promote selective growth of this species when the N:P ratio falls below the Redfield ratio. A 21-yr series of measurements from the western Wadden Sea provides strong empirical evidence that human-induced changes in nutrient (N:P) ratios can cause changes in phytoplank- ton species composition, and that these changes occur as discrete shifts from one community type to another (Philippart et al. 2000) . The sedimentary record indicates that some shifts in phytoplankton community composition began as soon as estuarine watersheds were cleared for agriculture: there has been a strong shift in the relative proportions of centric and pennate diatoms in Chesapeake Bay (Fig. 16c) , a trend indicative of nutrient enrichment (Cooper 1995) . In recent decades there has been an increase in the reported number of toxic algal blooms, including redtide events of dinoflagellate blooms in coastal waters. For some enriched coastal ecosystems, there is clear evidence of increased frequency of red tides; 3 examples (Fig. 17) come from monitoring programs in South Africa, Hong Kong, and the Seto Inland Sea, Japan. Changes in the intensity or frequency of algal blooms can be a threat to human health because some algal species produce toxins that are concentrated in shellfish harvested for human consumption, leading to neurological or gastrointestinal poisoning that can be fatal (see the review of Richardson 1997 A causative connection between anthropogenic nutrient enrichment and increased frequency of harmful algal blooms has not been proven rigorously, although the hypothesis is now part of our conceptual model and supporting evidence is growing (Montresor & Smetacek 2001) . For example, Dale et al. (1999) examined dated strata from cores taken in the inner Oslofjord and observed a clear eutrophication signal as increased abundance of dinoflagellate cysts (indicating increased abundance of dinoflagellates) and large increases in the proportional abundance of 1 indicator species, Lingulodinium polyedrum. These signals grew during the period of increased nutrient loading from 1900 to 1980, and they diminished following steps to control waste nutrient loading around 1980. Rigorous proof is a challenge because harmful algal blooms are natural phenomena that have occurred throughout the Holocene (e.g. Fjellså & Nordberg 1996) and before human disturbance of nutrient cycling (e.g. Bianchi et al. 2000) . However, 'There exists a widespread belief that outbreaks of red tides are now becoming more frequent as a consequence of increasing eutrophication in coastal waters.' (Margalef 1998) .
Blooms of toxin-producing or harmful algal species can impair the growth and reproduction of invertebrates and can be lethal to fish. For example, brown tides (Aureococcus anophagefferens) impaired reproduction of the copepod Acartia tonsa in Laguna Madre, USA (Fig. 18a) , and copepod egg production rates were strongly reduced during cyanobacteria blooms in the Baltic Sea . Similarly, blooms of the toxin-producing dinoflagellate Gymnodinium cf. nagasakiense caused a marked depression of scallop (Pecten maximus) growth in the Bay of Brest (Fig. 18b) . This series also showed smaller depressions of scallop growth following diatom blooms (Rhizosolenia delicatula, Chaetoceros sociale), presumably a result of mass sedimentation of diatom-derived organic matter onto the benthos surface, and its interference with scallop respiration (Chauvaud et al. 2000) . Recent experimental evidence shows that some species of diatoms can impair invertebrates through another mechanismthe synthesis and excretion of aldehydes that block cell mitosis and arrest development of copepod and urchin eggs, leading to reproductive failure during diatom blooms (Poulet et al. 1994 , Miralto et al. 1999 ). Therefore, changes in phytoplankton species composition can directly impact the population dynamics of metazoan consumers that utilize the phytoplankton as their primary nutritional source.
Some responses can be reversed
These direct and indirect responses to nutrient enrichment are expressed to varying degrees in different coastal ecosystems. For the most grossly polluted ecosystems, management actions have been taken to curtail anthropogenic nutrient loading, often in response to legislative mandates or enforcement of regulatory standards such as the US Federal Clean Water Act (Puckett 1995) or the Danish National Parliament's decision to reduce N and P loadings to Danish coastal waters by 50 and 80%, respectively (Kronvang et al. 1993) . For those coastal ecosystems in which management actions have been taken to remediate severe responses to anthropogenic enrichment, some recoveries have been impressive. Tampa Bay (USA) exhibited classic symptoms of over-fertilization in the 1970s: high chlorophyll biomass, high turbidity, noxious blooms of the cyanobacterium Schizothrix calicola, and disappearance of vascular plants. Remediation actions began with the implementation of efficient treatment of municipal wastes and reduction of P loading from phosphate-fertilizer producers in the watershed. By 1980 the annual wastewater loading of N was reduced 10-fold (Fig. 19a) , and within a decade the mean chlorophyll biomass was reduced by more than half, the mean Secchi depth doubled, the intensity of Schizothrix blooms was greatly reduced, and the seagrass Halodule wrightii began to recolonize barren areas of the bay (Fig. 19b,c) .
Natural experiments of climate anomalies, coupled with nutrient-reduction actions, illustrate the rapid rate at which some nutrient-enrichment responses can be reversed: N and P loadings from terrestrial runoff to Funen coastal waters in Denmark were reduced by 67 and 85%, respectively, from the long-term mean loadings in 1995/96, the driest year of the 20th century. Changes that year included 50% reduction in the winter concentrations of DIN and DIP, unusually low chlorophyll concentrations and phytoplankton primary production in summer, increased water transparency (Secchi depth 1 to 2 m above the long-term mean), increased concentration of dissolved oxygen (by 1 to 3 mg l -1 ) in bottom waters, and recolonization of seedgerminated eelgrass in regions previously barren of vascular plants (Rask et al. 1999 ). Severe problems of anoxia have been eliminated with advanced waste treatment in the Forth Estuary and Thames Estuary, followed by recovery in the diversity of fishes previously decimated by anoxia (Fig. 20) . Perhaps the most practical lesson we have learned in recent decades is that the primary responses to anthropogenic nutrient enrichment can be reversed with appropriate actions to reduce nutrient loadings. This lesson was also learned from actions taken to reduce phosphorus load- ings to lakes; remarkably fast recoveries occurred in Lake Norrviken, Sweden (Ahlgren [1977] ; cited by Schindler [1981] ) and in Lake Washington, USA (Edmondson 1991).
Early responses to enrichment
Finally, we are just beginning to recognize the importance of responses other than the primary responses of change in plant biomass, production, toxic-bloom frequency, or dissolved oxygen. These primary responses are probably the last, most visible stages in a succession of responses to chronic nutrient enrichment. Now we appreciate the impact of other, more subtle signs of disturbance that occur before the catastrophic symptoms. These early responses include changes in communities at the species level, indirect responses, changes in the rates of biogeochemical processes such as nutrient cycling (Nixon et al. 1986) , and shifts in seasonal patterns or magnitudes of variability (Smetacek et al. 1991 ). An example in Fig. 21 shows a trend of change in the seasonal timing of phytoplankton biomass development in the Bay of Brest. Although this coastal system has not shown the primary response of elevated chlorophyll biomass in recent decades of elevated nutrient inputs, there has been a shift in the seasonal development of phytoplankton biomass such that the spring blooms have become smaller in amplitude but the summer biomass has become higher. This shift appears to be a response to 2 changes: (1) elevated inputs of N from the watershed, and (2) increased biomass and grazing by benthic suspension feeders, leading to more efficient retention of the biogenic silica produced during spring diatom blooms. The combination of exogenous inputs of N and increased benthic recycling of Si support higher summer biomass of diatoms (Chauvaud et al. 2000) . Now we can begin to ask how these kinds of subtle seasonal- scale changes might cause change in other components of coastal ecosystems, and how these responses might be used as early-warning detection of systemic responses to nutrient enrichment.
Today's conceptual model: Phase II
This brief overview of progress made in recent decades shows that the contemporary view of coastal eutrophication has evolved well beyond the early conceptual model built around one set of responses to a signal of changing nutrient loading. A schematic of today's (Phase II) conceptual model (Fig. 22) shows 3 fundamental advances from the early model (Fig. 4) . First, we have developed a clearer picture of the complex suite of potential responses to anthropogenic nutrient enrichment in the coastal zone, with explicit recognition of a set of direct and indirect responses. Central to our conceptual model is still the notion that nutrient enrichment can, in some coastal ecosystems, stimulate biomass accumulation of phytoplankton, followed by enhanced vertical fluxes of algal-derived organic matter to bottom waters and the sediments and development of hypoxia/anoxia. However other, equally important responses can include changes in the biomass of other algal communities including macroalgae and microphytobenthos, changes in nutrient ratios with subsequent shifts in phytoplankton community composition and (apparent) increases in the frequency of toxic and harmful algal blooms. These primary, direct responses to enrichment can lead to another complex suite of secondary, indirect responses as changes in: water transparency; the distribution and abundance of vascular plants; biomass, community composition, and growth and reproduction rates of pelagic and benthic invertebrates; physical habitats for invertebrates and fishes including catastrophic disturbances that cause mass mortality of animals; inputs of organic carbon to sediments with another suite of changes in the redox state and biogeochemistry of the sediments; and subtle changes in the seasonal patterns of key ecosystem functions such as primary production. The contemporary view reflects a greater recognition of the complexity of the system-level responses that can follow changes in nutrient inputs to coastal ecosystems.
A second advance has come from our growing recognition that there are large differences among coastal ecosystems in the magnitude and character of their responses to enrichment. Our conceptual model now includes explicit recognition of system attributes that, together, act as a filter to modulate the response to the signal of change in nutrient loading (Fig. 22) . Some estuarine-coastal systems appear to be very sensitive to change in nutrient inputs (e.g. Chesapeake Bay, Adriatic Sea, Baltic Sea, Black Sea, northern Gulf of Mexico). Others appear to have system attributes that dampen the direct responses to enrichment (e.g. San Francisco Bay, Bay of Brest, Ythan Estuary, Moresby Estuary, Australia [Eyre 1995 (1) a complex suite of both direct and indirect responses to change in nutrient inputs; (2) system attributes that act as a filter to modulate these responses; and (3) the possibility of ecosystem rehabilitation through appropriate management actions to reduce nutrient inputs to sensitive coastal ecosystems Estuary [Cloern 1999]) . Because the strength of the filter is a system-specific attribute, it might be unrealistic to expect 1 general empirical model to describe response as a simple linear function of the nutrientloading signal (Gray 1992) . Finally, we have learned from experience that appropriate actions to reduce anthropogenically-derived nutrient inputs can effectively reverse some of the direct and indirect responses (Fig. 22) .
A VIEW TO THE FUTURE: HOW CAN THIS SCIENCE ADVANCE?
It is evident from the preceding review that, for some regions of the globe, we have made real progress toward answering the question of how anthropogenic nutrient enrichment causes change in coastal ecosystems. However this scientific discipline is still very young. The central problem presents an extraordinarily difficult scientific challenge (much harder than rocket science), and the contemporary conceptual model is still narrow and limited. Our view of the problem is narrow because it continues to focus on 1 signal of change in the coastal zone, as though nutrient enrichment operates as an independent stressor; it does not reflect a broad ecosystem-scale view that considers nutrient enrichment in the context of all the other stressors that cause change in coastal ecosystems. Our view is limited because it has been developed primarily from site-specific assessments, supplemented with only limited experimentation and simulation modeling. Our view is also limited because it comes primarily from intense effort in a few highly impacted regions of the developed world, mostly at temperate latitudes. This science has not yet evolved to the point where we have made a major investment in comparative analyses to synthesize the lessons from site-specific investigations into a comprehensive understanding of how nutrient enrichment promotes change in coastal waters, at the global scale.
This particular environmental problem merits sustained programs of integrated research and monitoring because the symptoms of damage to coastal regions of the world are so pervasive that they cannot be ignored. These symptoms include declines of living resources; 3 examples are shown in Fig. 23 to illustrate how some coastal populations of zooplankton, macrozoobenthos, and fishes have collapsed in recent decades. The disturbance of coastal ecosystems is a threat to the critical services they provide, valued globally at US $12.6 trillion ($10 12 ) (Costanza et al. 1997) . Changes in coastal water quality and living resources are the result of multiple stressors (Breitburg et al. 1999a) , so a broader view of coastal eutrophication will consider how anthropogenic nutrient enrichment interacts with other stressors such as translocation of species, habitat loss, fishing, inputs of toxic contaminants, manipulation of freshwater flows, aquaculture, and climate change. Deeper understanding of coastal eutrophication will require new research direction to explain how the responses to these multiple stressors are linked and how the responses interact. More effort at comparative analyses will lead to deeper understanding of how the responses to multiple stressors are modulated by the system-specific filter attributes. Finally, the next phase in the evolution of our conceptual model should produce a set of tools, reflecting a more mechanistic understanding of the problem, that can be used to guide strategies of coastal-ecosystem management, rehabilitation, or protection. The schematic in Fig. 24 presents 1 view of that next phase in the evolution of our conceptual model. Progress toward this broader perspective will require creative research approaches to answer 5 fundamental questions:
(1) How does the filter work?
Why are some coastal ecosystems highly sensitive to inputs of additional nutrients while others appear to be more resistant (at least to the primary responses)? Coastal research has brought us to the point where we have identified the component parts of the filter. These include inherent physical and biological attributes that operate in concert to set the sensitivity of individual ecosystems to nutrient enrichment. We know, for example, that tidal energy is an inherent attribute that strongly shapes the expression of eutrophication. Monbet (1992) revealed this with his comparison of 40 estuaries, showing that chlorophyll concentrations in microtidal estuaries are, on average, about 10 times higher per unit of DIN than in macrotidal estuaries (Fig. 25) . Of course the presence of tides is 1 distinction between lakes and coastal ecosystems, and we are beginning to understand how the tidal component of the filter works. One mechanism is the production of turbulence by tidal stresses at the bed. As tidal currents accelerate, the production of turbulent kinetic energy grows and can become the largest source of mixing energy in shallow coastal waters. Coastal ecosystems also differ from lakes by the presence of salinity gradients that can create vertical density stratification. The balance between the opposing buoyancy force from salinity stratification and tidal stirring is a key physical attribute that shapes the phytoplankton response to nutrient enrichment (Lucas et al. 1998) . The difference in the tidal amplitude of Chesapeake Bay and San Francisco Bay is 1 mechanism for producing their different responses to the same signal of high nutrient loading (Fig. 6 ). This mechanism explains why the primary responses to nutrient enrichment are, in general, most extreme in regions with small tidal energy (Baltic, northern Gulf of Mexico, Adriatic, Black Sea).
A second physical attribute is the set of horizontal transport processes that determines the residence time of water, nutrients, and plankton within coastal basins. Numerical models illustrate a second principle: algal (1) the system attributes that act as a filter to modulate the responses to nutrient enrichment; (2) nutrient enrichment as 1 of many interacting stressors; (3) the complex linkages between responses to multiple stressors; (4) impacts of change in coastal ecosystems on the Earth system, including aspects that influence sustainability of the human population; and (5) the application of a deeper and broader scientific understanding of coastal eutrophication to produce a set of tools for building rational management strategies and action plans for ecosystem rehabilitation/restoration bloom dynamics are controlled by the balance between the rates of phytoplankton population growth and horizontal transport (Lucas et al. 1999a,b) . Horizontal transports are controlled by physical attributes (tides, wind, bathymetry, basin geography, river flow), all of which contribute to the filter function. Coastal ecosystems with slow transports and long residence times tend to retain exogenous nutrients (Fig. 26) and therefore have less efficient filters than coastal ecosystems with short residence time.
A third physical attribute is the set of optical properties that controls the light exposure to submerged plants, including the phytoplankton. The algal communities require both light energy and nutrients to produce new biomass, and for many coastal waters the inherent optical properties are such that photons are more scarce, relative to plant requirements, than are atoms of N or P (Cloern 1999) . For some set of estuaries, annual primary production is more strongly correlated with measures of the light resource (Fig. 27 ) than with measures of the nutrient resource. This optical component of the filter also helps to explain why Chesapeake Bay is more responsive to nutrient additions than San Francisco Bay, which has higher suspended sediment concentrations and higher turbidity.
Finally, we have a strong sense now of the importance of suspension feeders as a biological component of the filter. A third distinction between (most) lakes and coastal waters is the biological component of benthic-pelagic coupling associated with the comparatively high biomass of benthic suspension feeders in marine systems. The rate of particle filtration by the community of benthic suspension feeders can be high enough to balance the rate of phytoplankton primary production (Cloern 1982) , so this top-down process can be a key biological component of the filter. The best predictor of chlorophyll a concentration in Danish estuaries is the biomass of mussels (Fig. 28a) , rather than any quantity related to nutrient fluxes or concentrations. This data set shows a significant inverse relationship between chlorophyll biomass and mussel biomass, implying strong grazing control of the responses to enrichment, even in nutrient-rich estuaries. Meeuwig's (1999) analysis of chlorophyll biomass in 15 Canadian estuaries produced identical results. This biological regulator is dynamic and adaptive: simulation experiments with a carbon-flow model of the Oosterschelde estuary suggest that a doubling of nutrient . Annual phytoplankton primary production in 9 estuaries versus mean photic depth. From Peterson et al. (1987) , Table 1 loading will produce only small increases in phytoplankton biomass because of adaptive increases in phytoplankton consumption by the suspension feeders (Herman & Scholten 1990) . We have learned also, from sustained observational programs, that the balance between phytoplankton production and loss to benthic consumers can be disrupted by the colonization of coastal ecosystems by nonindigenous suspension feeders. This occurred in northern San Francisco Bay when the Asian clam Potamocorbula amurensis became widely established in 1987; since then, chlorophyll biomass has been persistently low and primary production has been reduced 5-fold (Alpine & Cloern 1992; Fig. 28b ). This biological process contributes further to the differential responses of Chesapeake Bay and San Francisco Bay.
Although we now have a clear sense of the system attributes that comprise the filter, we do not understand how these components work together. This understanding is central to the next (Phase III) conceptual model of the coastal eutrophication problem (Fig. 24) . It will develop as we invest more research in comparative analyses to reveal the mechanisms of resistance to nutrient enrichment. Perhaps the most rapid progress will come when results from observational programs are analyzed with numerical tools that integrate all the component parts of the filter (e.g. Lucas et al. 1999a,b) . Most publications on coastal eutrophication present results from the perspective that nutrient enrichment is an isolated signal (Fig. 22) . However, by the end of the 20th century environmental scientists recognized the need to analyze ecosystem changes as responses to multiple stressors, and to consider the myriad potential interactions among those stressors (e.g. Breitburg et al. 1999a) . We know that coastal ecosystems are changing in response to all the stressors shown in Fig. 24 . We do not, however, have a deep understanding of how these different signals operate together.
One strong interaction is with the climate system because it is such a powerful source of environmental variability that influences all the signals shown in Fig. 24 , as well as all the components of the filter. Climatically driven pulse inputs of nutrients, either from terrestrial runoff (Hama & Handa 1994) or atmospheric deposition (Paerl et al. 1990) , can trigger responses such as algal blooms and anoxia. Conversely, these expressions of eutrophication are weakest during climate anomalies of low precipitation and nutrient runoff (Rask et al. 1999) . Climatic events change all the physical components of the filter: as residence time is prolonged during low-flow conditions, algal blooms frequently develop within estuaries (Relexans et al. 1988) ; storm-related events of high river flow can establish strong vertical salinity gradients and development of hypoxia/anoxia in bottom waters (Paerl et al. 1998) . In weakly tidal systems, where wind stress is the important mechanism of vertical mixing, weather anomalies can induce responses: a 7 wk period of calm winds and warm temperature established persistent thermal stratification, bottom-water anoxia, and mortality of half the mussel population in the Danish Limfjord in 1997 (Møhlenberg 1999) . Climate-driven vs mean biomass of mussels (fitted line shows the function log y = 1.39 -0.34 log x; r = -0.71), redrawn from Kaas et al. (1996), Fig. 5.5; (Yin et al. 1999) . Exceptional brown tides developed in many estuaries of the northeastern US in 1985, partly because of prolonged water residence during this period of anomalous regional wind stress and damped Ekman pumping as a mechanism of estuary-ocean exchange (Vieira & Chant 1993) . Many catastrophic responses to nutrient enrichment occur during climatic anomalies (e.g. Maestrini & Granéli 1991 , Zingone et al. 1995 , so the climate-eutrophication linkage is established. To what extent will humandriven changes in the global climate system alter the ways in which coastal ecosystems assimilate exogenous nutrients? A second, virtually unexplored interaction is with the stressor of human manipulation of coastal hydrology. The unique character of coastal ecosystems derives from their position at the land-sea interface where they are influenced by variability at both the seaward and watershed boundaries. River flow is a prominent source of natural variability that has now become highly manipulated by man: nearly 80% of the fresh water discharged by large rivers in the northern temperate zone is 'strongly or moderately affected by fragmentation of the river channels by dams and by water regulation resulting from reservoir operation, interbasin diversion, and irrigation' (Dynesius & Nilsson 1994) . Human control of the seasonal timing and quantity of freshwater discharge to the coastal zone is a disturbance that changes river chemistry, nutrient fluxes to estuaries, and the capacity of estuaries to assimilate nutrients. The impoundment of large rivers has created an artificial mechanism (retention of biogenic silica produced by diatoms in reservoirs) that reduces Si fluxes to the coastal zone (Humborg et al. 2000) . Dissolved silicate loads from the Danube River were reduced by two-thirds following dam construction after 1970 (Humborg et al. 1997) . The resulting decrease in the Si:N ratio of Danube outflow appears to be a primary agent of change in the phytoplankton community in the coastal Black Sea (Fig. 16a) . In a similar way, impoundment and rerouting of flows through Lake Ijssel Netherlands caused a doubling of P discharge and contributed to the decreased N:P ratio (Fig. 15d) and increased abundance of Phaeocystis sp. in the Dutch Wadden Sea (Riegman et al. 1992) . Dam operations can cause catastrophic responses comparable to those attributed to nutrient enrichment: a large-scale release of water from the Arzal Dam induced strong salinity stratification followed by bottom-water anoxia, fish kills, and complete mortality of benthic megafauna over 400 km 2 in the Vilaine Estuary, France, in 1982 (Rossignol-Strick 1985 . Large-scale coastal engineering projects, such as damming of the Rhine-Meuse Estuary, filling/diking of virtually all tidal marshes around San Francisco Bay (Nichols et al. 1986 ), port construction in Venice Lagoon, flow diversions and resulting hypersalinity of the Ciénaga Grande de Santa Marta, Colombia, and construction of the Oosterschelde storm-surge barrier have transformed these coastal ecosystems from their pristine states to altered states with increased algal biomass (Sfriso et al. 1993) , shifts in phytoplankton species (Bakker et al. 1994) , or massive losses of mangroves (Perdomo et al. 1998 ) and nursery habitats for marine fishes (Smit et al. 1997 ). We do not yet explicitly consider the eutrophication problem as one that operates in highly engineered physical systems, but this perspective will develop as the science matures.
An equally powerful mode of human disturbance is the global translocation of organisms and inoculation of coastal ecosystems with nonindigenous species, a disturbance that 'renders bays, estuaries, and inland waters among the most threatened ecosystems in the world' (Carlton & Geller 1993) . As an extreme example, San Francisco Bay has been colonized by 212 exotic species of plants and animals, and the invasion continues at the current rate of one new species every 24 wk (Cohen & Carlton 1995) . These inoculations sometimes cause a profound ecological disturbance, and this disturbance interacts with nutrient enrichment in ways that we have not yet imagined. The most direct interaction comes from the translocation of harmful algal species to nutrient-enriched coastal waters: unprecedented occurrences of paralytic shellfish poisoning in Australian coastal waters during the 1980s may have resulted from the transport and delivery of 3 nonindigenous species of toxic dinoflagellates via ship ballast (Hallegraeff 1993 ). More complex interactions occur when nutrient enrichment and species introductions work in concert, but through different mechanisms, to disrupt coastal populations. Extreme examples are the recent biological changes in the Black Sea, which have included >10-fold declines of copepods and other mesozooplankton and collapse of the Turkish anchovy fishery. Mee (1992) and Kideys (1994) suggest that these changes are responses to disturbance by N and P enrichment (which has changed the quality of the phytoplankton food resource for zooplankton) and the greatly enhanced predation mortality of zooplankton and larval fishes caused by the explosive population growth of the nonindigenous ctenophore Mnemiopsis leidyi. Analogous interactions have con-tributed to stock declines of the scallop Pecten maximus in the Bay of Brest. This valuable species is stressed by toxic dinoflagellate blooms that impair growth of adults (Fig. 18b) and survival of juveniles, plus growing competition for space from the introduced mollusk Crepidula fornicata (Chauvaud 1998) . The indigenous Pecten maximus is more sensitive to the toxicity of Gymnodinium blooms than the introduced mollusk, so an indirect response to nutrient enrichment can be habitat change that facilitates ecosystem colonization by nonindigenous species.
We have not yet begun to seriously explore the interactions between toxic contaminants and nutrients, although we know that human activities produce and transport industrial and agricultural pollutants to coastal marine systems (e.g. Fowler 1990 ). Heavy metals such as silver (Sanders & Cibik 1988) and copper (Kuwabara et al. 1989) , chlorinated hydrocarbons (DDT and PCB's; Mosser et al. 1972) , and herbicides such as atrazine and diuron (Edmunds et al. unpubl.) all selectively inhibit some classes or species of algae, and therefore promote population growth of the less-sensitive taxa. But how does the species-selective response to N and P enrichment operate in concert with the species-selective responses to the complex mosaic of toxic compounds? Could some harmful algal blooms, which are often the result of explosive growth of 1 or a few species, partly be the result of the combined selective forces from enrichment with nutrients and toxic contaminants? Algal assimilation is a biological process that can regulate the bioavailability and trophic transfer of reactive toxic elements (Reinfelder & Fisher 1991 , Luoma et al. 1992 ) and PCB's (Mailhot 1987 , Stange & Swackhamer 1994 . Laboratory experiments and measurements in Swedish coastal waters suggest that nutrient stimulation of phytoplankton production leads to enhanced accumulation of PCB's in the tissues of infaunal brittle stars, the first step in the transfer of these contaminants to higher trophic levels (Gunnarsson & Sköld 1999) . Algal assimilation of metals such as cadmium, nickel and zinc also acts as a biological trapping mechanism to retain these elements within coastal basins (Luoma et al. 1998) . To what extent is the efficiency of trophic transfer and the biological trapping of toxic substances enhanced by nutrient stimulation of algal production? The speciation and toxicity of some contaminants, such as arsenic and copper (Sanders & Riedel 1993) , are also transformed by algal metabolism or excretory products. Does nutrient-enhanced algal production cause change in the overall toxicity of contaminants discharged into coastal waters? Mesocosm experiments suggest that there are strong interactive responses to additions of nutrients and trace elements, including interactions through which nutrient enrichment amplifies the biological responses to toxic metals such as impairment of the growth and production of marine biota (Breitburg et al. 1999b) .
The complex interactions shown in Fig. 24 are not static, but rather are dynamic responses to changing human activity. An anthropogenic stressor of growing importance is aquaculture, the fastest-growing agricultural activity in the US and one of rapid global expansion during the 1990s (Fig. 29) . Intense cultivation of fish and shellfish in coastal waters can be a source of environmental disturbance associated with unnaturally high concentrations and deposition of organic matter that alter sedimentary processes and oxygen concentrations. Shellfish culture has a strong influence on the nitrogen cycle by enhancing the deposition of organic matter to the sediments, reducing oxygen availability and promoting dissimilatory processes of N cycling. In the Thau Lagoon, France, used for intense oyster culture, these changes reduce the loss of nitrogen to denitrification and therefore retain N available to sustain primary production (Gilbert et al. 1997) . Similar responses were measured in Upper South Cove, Nova Scotia, where sediments beneath cultured mussels release large quantities of ammonium and act as a net source of N, compared to reference sites which act as an N sink (Hatcher et al. 1994) . Intense shellfish farming therefore increases the retention of nitrogen within coastal systems. Finfish culture is growing at an equally rapid rate and this activity leads to similar responses of organic enrichment and enhanced microbial activity of sediments, and also promotes development of toxic algal blooms (Kaartvedt et al. 1991) . Cultured shellfish consume natural phytoplankton but cultured finfish are supplied feed, so this activity also acts as a new source of nutrients. In the Åland archipelago, where harvest of farmed rainbow trout (Oncorhyncus mykiss) increased >10-fold from 1977 to 1991 (Fig. 29a) , fish farms now contribute more P (by 15 ×) and N (by 3.6 ×) than treated wastewater (Bonsdorff et al. 1997b ). This region of the northern Baltic exhibits multiple symptoms of change in response to nutrient enrichment, even during an era of improved wastewater treatment. Other human activities that act as nutrient sources can therefore offset the benefits of controlling only 1 source of N and P.
Fishing harvest contributes directly to stock declines ( Fig. 23) and it influences the system-level responses to nutrient enrichment: the oyster population of Chesapeake Bay has declined more than 50-fold this century, and this loss is attributed primarily to stock overfishing and to mechanical disturbance of habitat (Rothschild et al. 1994) . Loss of native suspension-feeding bivalves of this magnitude has decreased the estuary's topdown grazing control of phytoplankton biomass (Newell 1988) , illustrating that human activities unrelated to nutrient enrichment can alter the system properties that modulate the eutrophication response. The next conceptual model will emerge as we leave behind the notion of nutrient enrichment as an isolated stressor and replace it with the more challenging notion that coastal ecosystems are subjected to multiple interactive stressors (Fig. 24) , and that responses to these stressors are intimately interconnected. A fundamental challenge for coastal scientists is to find creative approaches for revealing the complex interactions of coastal ecosystem change depicted in Fig. 24. (4) How does coastal eutrophication impact the Earth system as habitat for humanity?
A fourth challenge is to define more clearly the responses to nutrient enrichment that change other attributes of the Earth system, beyond the biogeochemistry and ecology of its coastal waters. What are the social and economic costs of human disturbance to the coastal zone, especially since estuaries provide more valuable ecosystem services per unit surface area than any other biome on the planet (Costanza et al. 1997 )? We know from specific case studies the economic and social costs of changes such as the 1987-1989 collapse of the Turkish anchovy fishery harvest from the Black Sea, which supplied 80% of that nation's demand for fish and represents an important national loss of income and protein (Mee 1992) . Similar declines in fish stocks and diversity have impacted the subsistence of fishermen on the Ciénaga Grande de Santa Marta, Colombia (Perdomo et al. 1998) . One exceptional bloom of the toxic flagellate Chrysochromulina polylepsis killed more than 500 tons of farmed fish, valued at US $4.5 million, along the Norwegian coast in May 1988 (Underdal et al. 1989) . Loss of Pecten maximus from coastal waters of Brittany (Fig. 23a) is a loss of a national cultural heritage in France -the coquille Saint-Jacques. A complete moratorium on shellfish harvest was imposed in New Zealand because of toxic algal blooms in 1993, causing loss of export sales of NZ $2 million a week (Chang 1994 ). The 1998 toxic algal bloom in coastal waters of Hong Kong and southern China caused fishery losses valued at US $42 million. But what are the cumulative economic and social costs of anthropogenic disturbance to coastal ecosystems, and how can we quantify those losses on a global scale? Our next conceptual model will give explicit consideration to the social and economic aspects of this problem (Fig. 24) .
How does nutrient enrichment, in concert with other disturbances, cause habitat changes that impact human health? Direct impacts include the estimated 300 human fatalities each year caused by consumption of shellfish contaminated with algal-derived toxins (Hallegraeff 1993) . But there are probably other, indirect connections between coastal water quality and human health. A dramatic epidemic of cholera-type disease spread rapidly in 1992 from the port city of Madras to northern cities of India and all of Bangladesh, affecting thousands of people and causing many deaths on the Indian continent (Colwell 1996) . The pathogenic agent, Vibrio cholerae, survives in marine and brackish waters and attaches to chitinaceous plankton such as copepods. A single copepod can carry 10 4 V. cholerae cells, 10 times the infectious dose for humans (Colwell 1996) . Therefore, as human activities and the climate system interact to stimulate phytoplankton blooms, followed by population increases of shellfish, the potential exists for conditions that allow rapid transmission of this waterborne disease. To what extent are human alterations of the environment, such as fertilization of the coastal zone, responsible for the global resurgence of communicable diseases?
And, how do the biological changes induced by coastal fertilization propagate to other aspects of the Earth system such as atmospheric chemistry? We have identified some mechanisms: coastal phytoplankton production is a globally significant source of methyl bromide and, therefore, a contributing factor to ozone depletion (Lobert et al. 1995) ; some bloom-forming algae produce and release dimethyl sulfide (DMS) which is oxidized to sulfate in the atmosphere and contributes to acid precipitation. In summer, this biogenic emission of sulfur from the North Sea is equivalent to 16% of the anthropogenic emission of sulfur from Europe (Turner et al. 1988) . Algal production of DMS is also a mode of biological climate regulation because it is the major source of cloud-condensation nuclei over the oceans and therefore exerts a strong influence on cloud cover and the Earth's radiation budget (Charlson et al. 1987) . To what extent does coastal nutrient enrichment enhance this link between the biosphere and climate system, and what other modes of enrichment disturbance alter the links of ocean-atmosphere chemistry and the climate system? Our next conceptual model (Fig. 24) will have a broader perspective that considers the social, economic and human-health costs of coastal eutrophication, and the impacts of nutrient enrichment of the Earth system at the planetary scale.
(5) What synthetic tools can guide management strategies?
The ultimate objective of all this hard work is a mechanistic understanding, based on scientific principles, from which management strategies can be designed to restore coastal ecosystem functions and biological communities that have been damaged by nutrient enrichment. Emerging principles will have practical application to solve an environmental problem that impacts the capacity of the Earth system to sustain biodiversity, water quality, and natural biogeochemical functioning in the coastal zone as it continues to be stressed by human population growth and exploitation. These impacts will expand in the developing world where most of the future increase of N mobilization will occur: 'much of the next round of pollution will take place in the waters of the tropics, where both the corals and the fish that inhabit these delicate ecosystems are at risk' (Nixon 1998) . The effectiveness of strategies for ecosystem protection or restoration will be directly proportional to the accuracy and completeness of our conceptual model that links ecosystem responses to anthropogenic stressors. Our current level of understanding is a limitation to the development of effective management strategies. As research proceeds and our conceptual model evolves and progresses, so will the effectiveness of restoration actions.
At present, the scientific community has only a limited set of tools to help guide ecosystem management. A fundamental tool is the construction of nutrient budgets to provide the foundation for understanding the scale of human disturbance and the potential effectiveness of restoration actions for individual ecosystems. Excellent examples exist and serve as (1) templates to guide budget construction (Gordon et al. 1996) , and (2) measures for comparing the nutrient status among coastal ecosystems (e.g. Nixon et al. 1996 , Eyre & Balls 1999 . For example, nutrient budgets show that: the coastal ocean is a source of N that overwhelms all human sources to the Straits of Georgia/Juan de Fuca (Mackas & Harrison 1997) ; internal recycling is the dominant source of N in Aarhus Bay, Denmark (Jør-gensen 1996) ; local sources from fish farming dominate in the Archipelago Sea (Bonsdorff et al. 1997b ); municipal wastewater contributes 60% of the N input to Long Island Sound (National Research Council 2000) ; riverine loading is the dominant source of nutrients to the Dutch coastal zone (De Vries et al. 1998) . Among these different coastal ecosystems, there is great divergence in the scale of human disturbance of the pristine nutrient budgets. Budgets place bounds on that scale and they help us judge the potential effectiveness of actions to reduce nutrient inputs. Budget-type analyses are most valuable if they consider seasonal-scale variability: Conley (2000) suggests that reductions of P input to some estuaries will most directly influence the magnitude of spring primary production and subsequent oxygen consumption, whereas reductions in N loading will reduce phytoplankton biomass in summer and help to restore the balance between algal and vascular plant production.
As a second tool, the scientific community can develop indices to measure the sensitivity (filter efficiency) of individual ecosystems to change in nutrient inputs. Monbet's classification of estuaries by tidal amplitude (Fig. 25) could be developed into an index of the tidal component of the filter; some measures of topdown grazing (Fig. 28) could be used as an index of this biotic component of the filter. Another index compares the availability of light and nutrient resources that sustain phytoplankton growth (Fig. 30) . For estuaries in which the resource index shows persistent strong light limitation (such as northern San Francisco Bay), it is unlikely that changes in nutrient input will greatly affect the growth and biomass accumulation of phytoplankton. For estuaries in which the index shows greater limitation by nutrient availability (such as Tomales Bay), it is more likely that changes in nutrient input will lead to phytoplankton responses. The index provides one measure of ecosystem sensitivity to changes in nutrient availability.
A third tool is experimentation, using representations of coastal ecosystems to measure responses to specific actions. At present, our representations are limited to mesocosms and numerical models (Nixon et al. [1986] review the rare cases of whole-ecosystem fertilization). Both have limitations, but these are among the few tools available for studying the systemic responses to enrichment in the presence of filters and interactions (Fig. 24) . Mesocosms designed to represent the coastal plume of the Rhine river have been used to predict how pelagic and benthic communities will respond to management plans to reduce anthropogenic nutrient loadings to the North Sea by half: experimental results suggest that nutrient reductions of this magnitude will lead to smaller spring phytoplankton blooms (including smaller Phaeocystis blooms), but perhaps have little impact on secondary production by macrozoobenthos (Prins et al. 1999 ). Numerical models are powerful tools because they can be built to integrate all the processes that shape ecosystem responses to nutrient change, including all components of the filter and linkages between watersheds and coastal ecosystems (Billen & Garnier 1997) . However our mathematical representations of individual processes are gross oversimplifications of complex phenomena that include feedbacks, biological behavior, complex life histories, and chaotic variabilityphenomena that are only crudely understood. Numerical models can only be useful to the extent that they are built from conceptual models that accurately and completely represent this system complexity. No models are close to real-ecosystem complexity, so modelbased predictions have inherently high uncertainty. At our present level of understanding, perhaps numerical models are most powerful as integrative tools for exploring complex system behavior and for developing general principles (e.g. Herman & Scholten 1990 , Wulf et al. 1990 , Lucas et al. 1998 , rather than as reliable predictive tools. The challenge to build reliable predictive models will grow as we work to integrate mathematical representations of benthic and pelagic systems with models of climate, watersheds, the atmosphere, and with economic models.
Finally, the scientific community faces a challenge to find innovative ways to synthesize information from multiple sources, and then use syntheses to guide action plans. The best scientific guidance at this point will come from assessments that synthesize outputs from all the tools described above -budgets, experiments, models and simple sensitivity indices. Each tool has limitations, so the most robust assessments will be those where the application of multiple tools gives a coherent view of how a particular ecosystem responds to nutrient enrichment. Our goal of a general, globalscale understanding of coastal eutrophication will emerge as we expend greater effort at comparative analyses to understand the underlying mechanisms of ecosystem variability in the signal-response relationship. A truly global model will require more study of tropical ecosystems that may have stronger responses to the eutrophication signal than those documented in the temperate zone , Downing et al. 1999 . Perhaps the vision shown in Fig. 24 will be useful as a roadmap to help guide our development of that general conceptual model, and to guide the development of new tools for building restoration strategies. , or in between (potential co-limitation). Measurements from annual studies show that the nutrient resource is always well above the requirements for maximum phytoplankton growth in northern San Francisco Bay, but the light resource is always limiting ( ). Measurements from Tomales Bay show that nutrient concentrations are frequently limiting to phytoplankton growth ( ). The index shows that Tomales Bay is more sensitive to change in nutrient input than northern San Francisco Bay
